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Abstract
Leachate characteristics, applied technologies and energy demand for leachate treatment were
investigated through survey in different states of Germany. Based on statistical analysis of leachate
quality data from 2010 to 2015, almost half of the contaminants in raw leachate satisfy direct
discharge limits. Decrease in leachate pollution index of current landfills is mainly related to reduction
in concentrations of certain heavy metals (Pb, Zn, Cd, Hg) and organics (biological oxygen demand
(BOD5), chemical oxygen demand (COD), and adsorbable organic halogen (AOX)). However,
contaminants of concern remain COD, ammonium-nitrogen (NH4-N) and BOD5 with average
concentrations in leachate of about 1850, 640, and 120 mg/L respectively. Concentrations of COD and
NH4-N vary seasonally, mainly due to temperature changes; concentrations during the first quarter of
the year are mostly below the annual average value. Electrical conductivity (EC) of leachate may be
used as a time and cost saving alternative to monitor sudden changes in concentration of these two
parameters, due to high correlations of around 0.8 with both COD and NH4-N values which are
possibly due to low heavy metal concentrations in leachate. The decreased concentrations of heavy
metals and BOD5 favor the retrofitting of an existing biological reactor (nitrification/denitrification)
with the deammonification process and post denitrification, as this lowers average annual operational

cost (in terms of energy and external carbon source) and CO2 emission by €25,850 and 15,855 kg
CO2,eq respectively.
Keywords: Leachate characteristics; Leachate treatment; Deammonification; Anammox; Energy
efficiency; Technology acceptance
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1. Introduction
One of the potential environmental problems caused by decomposition of wastes in a landfill is
production of leachate, which originates from percolated rainwater, waste decomposition runoff, and
the water content of waste itself (Renou et al., 2008). Characteristics of the produced leachate depend
on, among other factors, degree of stabilization of deposited waste, waste collection system, type and
composition of deposited waste (Fitzke et al., 2013), solubility of waste constituents (Salem et al.,
2008), location and hydrological factors (Chu et al., 1994), as well as waste compaction, landfill
design and operation in addition to cultural differences (Baig et al., 1999).

Unstabilized waste (also referred to as untreated waste) leads to higher leachate pollution loads
compared to stabilized waste (also referred to as pre-treated waste) as it contains a higher portion of
biodegradable organic content, which then undergoes decomposition within the landfill. Leachate
quality from landfills varies greatly over time, and can be categorized either as a function of age of the
landfill or more precisely as a function of phases of the landfill, which are categorized into: (1) aerobic
phase, (2) anaerobic acid phase (i.e. organic acid production), (3) initial/intermediate/stable
methanogenic phase (i.e. methane and carbon dioxide production), and (4) final aerobic phase (Heyer
et al., 2001; Kjeldsen et al., 2002). These phases are distinguished based on changes in the
concentrations of principle contaminants (mainly organics, nitrogen, and heavy metals) and gas
production and quality.
One way to reduce landfill emissions (leachate and gas) is to remove the impurities and biodegradable
organic matters (through stabilization) from the waste before landfilling. This approach is known as
waste pre-treatment and has been widely applied in Germany since 2005. Pre-treatment of waste is
performed at mechanical biological treatment plants (MBT plants) in which waste is initially
processed through a mechanical stage in which resources or impurities such as metals and plastics are
recovered or removed. Next, a biological stage which includes aerobic and/or anaerobic stabilization
of waste is carried out for weeks prior to landfilling. The type and duration of the MBT process affects
the quality of pre-treated deposited waste (Siddiqui et al., 2012) and as a result the leachate pollution.
Therefore, leachate quality from currently operating landfills depends mainly on the amount and
degree of stabilization of deposited waste, and whether external wastewater streams (i.e. process water
from MBT, external leachate or concentrate discharged from other landfills) are mixed with existing
leachate from the landfill.
After MBT, organic concentrations are reduced significantly; however nitrogen concentrations in
waste remain at high level (Tran et al., 2013). The remaining ammonium nitrogen will be contained in
the leachate of landfilled waste, and can be removed through conventional treatment processes such as
nitrification/denitrification (N/DN), air stripping, and struvite precipitation, or more advanced
biological techniques such as nitritation/denitritation, deammonification (a process of partial nitritation

(PN) and anaerobic ammonium oxidation (anammox) in moving bed bioreactor (MBBR)
configuration), or membrane-based processes such as a membrane bioreactor (MBR) integrated with
an anoxic tank. Among all the advanced techniques for NH4-N removal, struvite precipitation (also
known as magnesium ammonium phosphate (MAP) precipitation) and deammonification have the
highest energy savings potential. The main advantages of the deammonification process compared to
conventional N/DN are the reductions of 1) aeration/energy costs, 2) external carbon source
requirement, and 3) sludge production (Christensson et al., 2013; Jenkins and Wanner, 2014). The
deammonification process is well suited for landfill leachate treatment, and was first implemented in
the early 1990s at a landfill leachate treatment plant in Mechernich, Germany (Hippen et al., 1997).
During deammonification, initially 50 to 60% of influent ammonia is oxidized to nitrite (this stage is
also known as partial nitritation step (WERF, 2014)); the remaining ammonia is then converted
together with nitrite by anaerobic ammonium-oxidizing bacteria (AnAOB) into dinitrogen gas and
small amounts of nitrate (Rosenwinkel and Cornelius, 2005). Full-scale PN/Anammox plants with
different configurations and reactor types (i.e. SBR, MBBR/deammonification, Granular) and their
issues (e.g. foaming, NH4-N, NO2-N, and NO3-N build up) and countermeasures were recently
surveyed by Lackner et al. (2014).
Despite the advantages of deammonification, most of the current leachate treatment plants in Germany
are mainly founded on conventional treatment processes, typically a combination of nitrification and
denitrification (for organics and nitrogen removal) with a wide range of different chemical/physical
(C/P) processes for heavy metals and COD removal. The range of C/P processes vary depending on
the targets of treatment (i.e. direct discharge or indirect discharge) from simple techniques such as
chemical precipitation to more sophisticated techniques like side-stream ozonation and/or membrane
technologies such as ultrafiltration (UF) and reverse osmosis (RO). These technologies are then
coupled at a final stage with activated carbon to remove remaining heavy metals, adsorbable organic
halogen (AOX), and non-biodegradable COD prior to discharge (Wiszniowski et al., 2006)).

The current research aimed to investigate: (1) the effect of pretreatment to reduce the overall leachate
contamination, (2) seasonal leachate quality fluctuations, and (3) whether the deammonification
process is a cost effective alternative to current leachate treatment processes.

2. Materials and Methods
Seventy nine landfills were surveyed in Germany and the rate of response varied greatly based on the
type of requested data. The response rate for leachate characteristic data, implemented technologies for
leachate treatment, treatment cost, and energy consumption were 32%, 68%, 30%, and 6%
respectively. The number of responded landfills with respect to the data type is shown in Fig. 1. In this
study only data related to leachate characteristics are discussed in detail.
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Fig. 1. Number of responded landfill with respect to the requested data type

The first aim of this study was to investigate leachate quality from current landfills in Germany, and to
identify to what extent this leachate quality has changed over recent years, and also seasonally. To
meet this objective, waste from pre-2005 deposits (before pre-treatment was standard) was assumed,
after five years, to be similarly stabilized to that of pre-treated waste. This allowed for the use of 20102015 as the representative sample when examining leachate quantity and quality data. To investigate
the overall changes in leachate quality a leachate pollution index (LPI) was developed. The concept of
LPI formulation was proposed by Kumar and Alappat (2005) through questionnaires and rating
parameters. However, in the current study, the LPI utilizes previous measurements by Kruse (1994),
who investigated leachate quality of 33 landfills in Northern Germany in 1994. Therefore, the LPI in

the study represents the changes in ratios of sum parameters and main pollutants (i.e. key pollutants
recorded during 1994-2015) and is obtained through the following formulae:

LPIM,A= �

n
i=1

(Pi,M /Pi,A) ; LPIC,A= �

n
i=1

(Pi,C /Pi,A) ; LPIC,M = �

n
i=1

(Pi,C /Pi,M )

(1)

in which Pi is pollutant variable, n is number of pollutant variables, A, C, and M represent pollutant
variable concentrations at acidic, methanogenic, and current phase respectively.
To determine seasonal variations in leachate quality, changes in concentration of main parameters
(COD, NH4-N, NO3-N) were measured on a quarterly basis. Primary data (raw data) and secondary
data were collected from an onsite meteorological station of a landfill in Germany and Germany’s
National Meteorological Services (Deutsche Wetterdienst), respectively, to identify meteorological
influences.
The second objective of this study was to investigate how leachate treatment technologies, energy
demand and total treatment costs differ among the landfills in Germany, and as a result identify an
energy efficient treatment process or propose a better alternative technology based on gathered data.
To meet the second objective, landfill operators were requested to provide details of leachate treatment
processes (i.e. type and sequence of implemented technologies and influent quality data prior to every
treatment step), energy consumption of onsite treatment processes (through data logger, inventories,
and/or energy audits), as well as costs associated with leachate treatment and concentrate
management.
3. Results and discussion
3.1. Leachate production in Germany: quantity, storage, and quality
Estimation of leachate generation rate and annual leachate volume are crucial to design a treatment
system with sufficient hydraulic capacity and to allow its future expansion with minimal reinvestment, respectively. Leachate flow rates from landfills in northern Germany are often equal to
between 12 to 22% of precipitation (Heyer et al., 2001), and annual leachate volumes (with internal
leachate treatment) range between 12,000 m3 to 52,150 m3. Table 1 lists the ranges and average

leachate volumes of 17 landfills during 2010 to 2015, categorized in daily, weekly, monthly, and
yearly terms.
Table 1
Range of generated leachate quantity during year 2010 to 2015 from seventeen landfills.
Yearly (m3)

Monthly (m3)

Weekly (m3)

Daily (m3)

Average

Range

Average

Range

Average

Range

Average

Range

25400

12000 – 52150

2117

284 – 6440

488

170 – 1840

70

25 - 280

After generation, the leachate is captured and then drained to storage tank(s) with a capacity range of
1500 to 4500 m3. Storage tanks provide equalization and buffering, and capacity is designed based on
daily flow; by considering average daily flow and capacity of storage tank of each landfill, a safety
factor (peak factor; Pd) of 29 to 42 is derived. Thus storage is sufficient to hold about a month’s worth
of generated leachate volume. Peak factor for a storage design is site specific; however, design may
also be influenced by consultant experience. The site specific aspect refers to differences in terms of
landfill capacity, waste quality (for example, waste with low organic content may absorb less water
and result in higher infiltration rate), weather conditions (e.g. type and intensity of precipitation),
landfill design (e.g. impermeable vs. permeable sealing) and operational mode (e.g. recirculation of
leachate, number of open sections), as well as capacity of the leachate treatment plant. Based on data
of leachate quantity and treatment capacity, two formulas are used for estimation of required (Qst) and
minimum (Qst, min) storage capacity:

Qst = (Pd ×Qd )+(170×n)

(2)

Qst,min = (Pd, min×Qd )+(170×n)

(3)

In these formulas, Qd represents an average daily flow rate of leachate, Pd is the peak factor or safety
factor which lies between 29 to 42, Pd,min is a critical peak factor (= 9), and n represents the number of
external landfills from which leachate will be received. The critical peak factor of 9 is defined based
on summation of minimum peak factors of 5.5 and 3.5 which relate to capacity of leachate treatment
processes and effects of seasonal variations, respectively. The minimum factor of 5.5 is the lowest

ratio obtained by dividing the storage tank capacity over maximum treatment capacity for different
landfills; the role of this factor may be critical in case of failure or for maintenance of the system. The
value of 3.5 is derived from analysis of maximum possible daily fluctuation in leachate volume; this
factor may be critical during wet weather conditions. The value of 170 is a reserve of 170 m3 per
month to facilitate leachate delivery from external landfills; this value is derived from maximum
leachate volumes of four landfills which treat their leachate externally.
Once the leachate is stored it should be characterized. Leachate characteristics are strongly related to
waste decomposition (Kjeldsen et al., 2002). As pre-treated waste has lower biodegradation potential,
the resulting leachate is expected to be less polluted and less variable over time. To evaluate
transitions in leachate quality due to the introduction of waste pre-treatment steps, the overall changes
in leachate quality should be represented quantitatively; this is done by defining a leachate pollution
index (LPI), which is obtained through changes in concentrations of 20 leachate quality parameters.
Leachate quality parameters from acid (A) and methanogenic (M) phases represent average values
among 33 landfills in Northern Germany; these data were adapted from a study by Kruse (1994).
However, data from the current (C) phase refers to leachate quality from 2010 to 2015 of 25 landfills
in different states of Germany, which were collected through survey in this study.
As shown in Fig. 2, if the leachate quality from the acidic phase is considered as a reference point and
compared against leachate quality from methanogenic and current phase, then the LPI is reduced in
the methanogenic and current phase by 4.5 (i.e. 15.5 from 20) and 6.2 (i.e. 13.8 from 20) respectively.
Similarly if the methanogenic phase is taken as a reference point, and changes in leachate quality
parameters of the current phase are compared against changes of the same parameters in the
methanogenic phase (C/M), then pre-treatment of deposited waste reduces the LPI by another 20%.
This reduction in LPI by 4 (16 from 20) is due to significant reduction in concentration of
contaminants such as iron (total), lead, and zinc, and 50 to 70% reduction in organics (BOD5, COD,
adsorbable organic halogen or AOX) and heavy metals such as cadmium and mercury. Further detail
about data and calculation of LPI are available in a supplementary appendix.
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Fig. 2. Transition in overall leachate quality due to introduction of waste pre-treatment

Ranges of leachate contaminant concentrations based on monthly data from 2010 to 2015 are plotted
in Fig. 3. This figure also summarizes arithmetic mean, weighted average, 95th percentile, and
maximum range for each contaminant. By considering mean value (or even weighted average) as a
typical concentration value, then predominant contaminants in current leachate are mostly likely to be
COD, Cl, Na, K, and NH4-N, while most heavy metal concentrations are insignificant.
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Fig. 3. Leachate quality from German landfills during 2010 to 2015.

3.2. Effects of seasonal variations
Leachate contaminant concentrations vary over different phases at a landfill (e.g. acidic,
methanogenic) (Kjeldsen et al., 2002) but also over different seasons of the year (Chu et al., 1994).
However, in the case of pre-treated waste, the changes in both quantity and quality of leachate are
mainly influenced by seasonal variation rather than landfill phase, since pre-treated waste has already
undergone stabilization reactions during pre-treatment.
In this study, variation of leachate quality is discussed in terms of changes in electrical conductivity
(EC), COD, NH4-N, and NO3-N concentrations. Electrical conductivity reflects concentration of
dissolved inorganic matter (Tatsi and Zouboulis, 2002); as it is a sum parameter, changes in EC may
form a general representation of processes related to the inorganic fraction of deposited waste and as a
result with leachate quality. As shown in Fig. 4 the maximum yearly fluctuation of EC in three
landfills is up to 4000 µS/cm, however the ratio of chloride (in mg/L) to electrical conductivity (in
µS/cm) in these landfills is relatively stable, remaining at 0.1 for landfill B and C and 0.14 to 0.19 for
landfill A over 4 years.
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Fig. 4. Variation of electrical conductivity of leachate among three different landfills from 2010 to 2014.

Understanding long term fluctuation patterns of produced contaminants is useful for design and
dimensioning of a new system or optimization of an existing treatment process. Therefore fluctuations
in COD, NH4-N and NO3-N concentrations among three different landfills which have continuously
recorded these values during 2010 to 2014 have been shown in Fig. 5. According to the figure,
contamination level decreases in the first quarter of the year, and increases in the second and third
quarters. The fluctuation pattern is also demonstrated in terms of frequencies at which an average
quarterly value falls below the yearly average value. An example of this is presented in Table 2 which
shows that concentrations of COD and NH4-N are most likely to be below the yearly average value
during the first quarter of the year, as it occurs in about 90% and 80% of cases for COD and NH4-N
respectively. In contrast, NO3-N concentration and NO3-N/NH4-N ratio may increase during this
quarter. The highest quarterly fluctuations observed in all years for COD, NH4-N, and NO3-N were
+1698 mg/L, +991 mg/L and -165 mg/L respectively.

Table 2
Parameter concentrations in first quarter of the year, relative to yearly average, and maximum range of fluctuation in concentration of these
parameters in all quarters.
Number of

Frequency that Q1 was (below) or above

observations

yearly average

(from 2010-2014)

Landfill 1

Landfill 2

Landfill 3

COD (mg/L)

15

(5)

(4)

(5)

(14)

(946) to 1698

NH4-N (mg/L)

15

(5)

(4)

(3)

(12)

(467) to 991

NO3-N (mg/L)

15

4

3

2

9

(165) to 113

NO3-N/NH4-N (−)

15

5

3

4

12

(0.31) to 0.34

NH4-N,COD (mg/L)

2500

Sum

Ranges of
fluctuations in all
quarters of years
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Fig. 5. Fluctuation of NH4-N, NO3-N and COD over studied time period.

To further evaluate the individual effects of temperature and precipitation on changes in COD and
NH4-N concentrations, precipitation and air temperature data from one of the landfills with onsite
meteorological station were used for analysis. In this investigation only two landfills provided
temperature and precipitation data. Among these two landfills, the landfill which recorded all relevant
parameters (temperature, type and amount of precipitation, concentration of COD and NH4-N), and
had a more extensive dataset (n=1971) was considered for analysis. Moreover, onsite precipitation
data from this landfill was also tested against secondary data from one of the nearby DWD-stations
(Deutsche Wetterdienst/Germany’s National Meteorological Services) to evaluate the possibility of

using secondary data from DWD for landfills lacking meteorological data. The selected station from
DWD was 16 km away from the selected landfill (named “landfill with meteorological station”
throughout this study) (DWD, 2016), and values from DWD station were 40 to 50 % below the onsite
measurement (see appendix). This underestimation in measurement is possibly due to the distance
between the two stations and/or type of recording instruments. However, since precipitation trends are
similar among both landfills, while differences in specific measurements are quite significant, data
from DWD were only used to correlate changes in concentration of COD and NH4-N with respect to
changes in precipitation and temperature.
Correlations of COD and NH4-N with temperature and precipitation for landfill with meteorological
station and landfill C (located less than 10 km from one of the DWD-stations) are shown in Table 3.
According to the table, an increase in monthly ambient temperature corresponds to an increase in
monthly COD and NH4-N concentrations in both landfills. However, unlike ambient temperature,
which shows consistent positive correlation with COD and NH4-N concentrations, the effect of
precipitation on these two contaminants is not consistent.
Table 3
Correlation coefficients of COD and NH4-N with ambient temperature, precipitation, leachate temperature, EC, and pH.
Parameter

Landfill C

Landfill with meteorological station

COD

NH4-N

COD

NH4-N

Electrical conductivity (µS/cm)

0.85

0.82

−

−

pH (−)

0.34

0.08

−

−

Air temperature (°C)

0.37

0.22

0.67

0.19

Precipitation (mm)

0.08

- 0.06

0.08

- 0.22

Leachate temperature (°C)

0.31

0.16

−

−

Since in landfill C, COD and NH4-N were highly correlated with electrical conductivity (EC), it was
also desired to evaluate whether variation in COD and NH4-N concentrations could be predicted using
inline EC measurement. To predict COD and NH4-N values based on EC measurements, data from
landfill C were used to develop a linear regression model. Landfill C was selected for this step due to
the more extensive dataset for EC, COD, and NH4-N compared to the other landfills. The equations
derived from Landfill C data were then tested on three other landfills which reported the required

parameters during 2010 to 2015, and average errors derived from estimation of COD and NH4-N in
these landfills were then included in the equation (instead of the standard error of the equation itself).
Both COD and NH4-N equations were highly significant (p-value <0.001) and showed R2 values of
0.73 and 0.67, respectively.
The results of estimation using these equations are shown in Fig. 6; the estimated values of COD and
NH4-N in landfill B are very close to real values; however in landfill E and F, the predicted value is
slightly over estimated. The average estimation errors for COD and NH4-N were 175 mg/L and 130
mg/L respectively; by considering these errors, two equations of COD = (-136 +0.176 EC) ± 175 and
NH4-N = (-84 +0.07 EC) ± 130 are proposed. Differences between real and predicted values
estimation may be reduced if other parameters such as temperature, precipitation, and pH value are
also considered. Reliable prediction of COD and NH4-N by EC is appealing to operators as a time and
cost saving method, and may be used to alert an operator if there are sudden changes in concentration
of these two parameters. Another benefit is the correction of existing data, or estimation of missing
data; this is revealed through case 20 (landfill B), in which identical values of 1420 mg/L were
reported by the operator for both COD and NH4-N. By considering typical outlier detection methods
(i.e. observations greater than 1.5 interquartile ranges from upper quartile, which in the case of NH4-N
refers to values greater than 850 mg/L), a value of 1420 mg/L is an outlier in the NH4-N data series.
However, rather than disregarding this NH4-N sample, the value of which could represent a simple
error in data entry (i.e. COD value entered for NH4-N as well); it may be replaced by the estimated
value of 470 mg/L.
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Fig. 6. Estimated COD and NH4-N based on electrical conductivity.

3.3. Leachate treatment
Contaminants of concern for leachate treatment are those which demonstrate maximum concentration
or 95th percentile values (depending on sample size, this may be used to minimize the effect of
outliers) that exceed direct discharge values. According to Table 4, nearly half of contaminants,
including many inorganic pollutants (e.g. heavy metals) are below direct discharge limits; among
those exceeding the limits are mainly organic substances (COD, BOD, and AOX) and nitrogen
(mainly NH4-N and NO3-N).
Such leachate characteristics show that existing leachate treatment facilities are inefficient in terms of
organic and nitrogen removal, unless they are reconstructed or highly optimized. BOD5/COD ratios of
leachate from 16 landfills range between 0.017 to 0.167, with an average and median value of 0.07
and 0.05 respectively. Due to the low leachate biodegradability from these relatively stabilized
landfills, an external carbon source is often added (e.g. methanol for completion of denitrification
process) alongside customized aeration systems (as aeration is used mainly for oxidation of
ammonium to nitrate, not for organics). Under this condition, and also depending on volume of
leachate and flexibility of existing system, an operator is limited to four options: 1) improving the
leachate characteristics for example through dilution or concentration with imported leachate from

other landfills, or other streams with higher BOD5, 2) closing the existing system and sending the
leachate for external treatment, especially in the case of low leachate volumes, 3) either the
acquisition, or

rent/lease of containerized MBR-plant designed to handle the current leachate

pollution load (terms differ depending on duration of agreement and liabilities such as maintenance
cost, etc.), or 4) to upgrade an existing plant with deammonification processes. Based on current
leachate composition option 4 is the most sustainable decision and has the highest potential to become
a common approach among landfills. To this end, feasibility of retrofitting an existing aeration basin
with deammonification processes is briefly discussed in the next section.
Table 4
Concentration of current leachate contaminants with respect to limit for direct discharge.
Parameter

Min

Max

95th

mean

Percentile

Weighted

Number of

Number of

discharge

average

samples

Landfills a

limit b

(mg/L)

(mg/L)

(mg/L)

(mg/L)

(mg/L)

monthly

total

(mg/L)

Mercury

0

0.013

0.003

0.001

0.001

51

51

3

0.05

Cadmium

0

1

0.374

0.01

0.04

51

51

3

0.1

Total Chromium

0.05

0.542

0.376

0.2

0.18

50

50

2

0.5

Chromium VI

0.007

0.05

−

0.0285

0.0285

2

2

2

0.1

Nickel

0

0.22

0.196

0.14

0.11

48

48

3

1

Lead

0

4.1

0.05

0.05

0.1

51

51

3

0.5

Copper

0

0.22

0.204

0.085

0.1

51

51

3

0.5

Arsenic

0.023

0.05

−

0.03

0.03

5

5

2

0.1

Zinc

0

0.75

0.38

0.17

0.17

51

51

3

2

Cyanide

0.01

0.05

−

0.03

0.03

6

6

3

0.2

AOX

0.07

3

1.5

0.96

0.68

93

93

14

0.5

COD

280

5600

4017

1732

1846

201

1451

25

200

BOD5

8

500

209

118

117

124

306

18

20

Total phosphorus

1.1

37.8

13.5

7.7

6.5

65

139

13

3

Ammonium (NH4-N)

89

1843

1256

620

637

208

1223

25

−

Nitrite (NO2-N)

0

53

13

4

3

141

1063

6

−

Nitrate (NO3-N)

0

200

124

30

38

145

1068

8

−

(easily released)

Total Nitrogen (TN)

70

a

Few landfills reported heavy metal concentrations, this is due to low or non-detectable levels of these contaminants in current landfills.

b

Limit for direct discharge (Anhang-51, 1996).

3.4. Deammonification and future opportunities
To assess feasibility of implementing deammonification, willingness of operators to invest, type of
existing leachate treatment process (e.g. sequencing batch reactor (SBR) or conventional
nitrification/denitrification (N/DN)), and leachate characteristics (which reveal the risk of inhibition to
the anaerobic ammonium-oxidizing bacteria (AnAOB)) are three critical factors to be considered.
Hagen (2014) recently investigated variations in landfill leachate treatment processes in Germany and
concluded that many treatment systems are dated back to 1990s, and in most cases operators prefer not
to change to a new technology but rather to optimize the existing system. From this study it is shown
that implementation of deammonification methods in current leachate treatment systems may be
practical through retrofitting an existing system.
Table 5 shows a comparison of average nitrogen removal costs by N/DN, magnesium ammonium
phosphate (MAP) precipitation, deammonification (single-stage moving bed bioreactor, or MBBR
configuration), and deammonification with post-denitrification. Treatment cost is estimated based on
the following assumptions: leachate influent characteristics of NH4-N=637 mg/L; NO3-N=38 mg/L;
BOD5=117 mg/L; Qy=25,550 m3 (greater value between Qyearly and extrapolated Qdaily, Qweekly, Qmonthly
values) as typical leachate from a German landfill. Anaerobic ammonium oxidation (Anammox)
stoichiometry was used based on Strous et al. (Strous et al., 1998), and complete ammonium removal
was assumed during the deammonification process (in practice, depending on configuration, some
NH4-N remains in effluent (Lackner et al., 2014), usually below 20% of incoming NH4-N). Specific
energy consumption values of 1.5 kWh/kg NH4-N (Christensson et al., 2013) and 4.2 kWh/kg NH4-N
(obtained from a German leachate treatment plant) were used for deammonification and nitrification,
respectively. The average cost of electricity was assumed as 0.24 €/kWh. Associated costs with postdenitrification of nitrate (NO3-N of raw leachate and NO3-N formed during deammonification) was
calculated by considering methanol as external carbon source, a dosing ratio of 5:1 (kgCOD:kgNO3N) (ATV-DVWK Standard, 2000) and at a cost of €275 per metric ton (valid for the first quarter of the
year 2016) (Methanex, 2016). Average standard aeration efficiency (SAE) of 3.2 kg/kWh (for
circulation and aeration) (DWA-Regelwerk, 2015) and release of 2.9 mg of O2 per 1 mg of NO3-N

during denitrification (ATV-DVWK Standard, 2000) was also considered to deduct the recovered
energy (during denitrification) from total energy demand. For MAP precipitation, a stoichiometric
ratio of 1:1:1 was used. Costs for magnesium chloride (MgCl2.6H2O) and phosphate were considered
as 0.22 €/kg and 0.67 €/kg respectively. Market value and suggested market price for struvite varies
among countries and different studies (Doyle and Parsons, 2002); in this study a market price of 70
€/MT (from AirPrex® Process) (Ewert and Wagenbach, 2014) was assumed to be deducted from total
treatment cost. Moreover, alternatives were only compared based on major contributors to operating
expenses, therefore, other associated costs such as sludge dewatering and disposal, further pH
adjustment (for MAP precipitation), costs of carrier material and license fees (for deammonification)
were not considered in the analysis.
Table 5
Average nitrogen removal costs by different methods.
Nitrogen removal

energy

energy

external carbon

chemical

Specific treatment cost

Total treatment

methods

demand

cost

cost

cost

(kWh/y)

(€/y)

(€/y)

(€/y)

(€/kg NH4-N)

(€/kg N)

MAP

−

−

−

60955

2.8

−

45449

Nitrification

68355

16405

−

−

1

−

16405

DN/N

52726

12654

22892

−

−

2.06

35546

Deammonification

24413

5859

−

−

0.36

−

5859

Deammonification/DN

24413

5859

3843

−

−

0.56

9702

cost
(€)

As seen in Table 5, MAP precipitation is the least favorable option for ammonium removal from
leachate; this is due to presence of competing calcium ions (Le Corre et al., 2005), and low
concentrations of magnesium (125 mg/L) and especially phosphorous (7 mg/L) in raw leachate, which
requires addition of magnesium and phosphorous salts at quantities of 17,964 kg/y and 85,709 kg/y
respectively. Deammonification with post-denitrification is promising; when compared to
conventional DN/N it results in annual savings of about €25,850, mostly as a result of reduced carbon
dosing demand.
Although economic and technical feasibility may justify retrofitting an existing system with the
deammonification process, other factors such as treatment goals, operator knowledge and experience,

as well as perceived risk (Huijts et al., 2012) also influence the level of acceptance. Treatment goals
may be divided into two categories; at global level (e.g. United Nations sustainable development
goals) and at individual level (e.g. energy management improvement for single site). Global goals
refer to the part of seventh goal of the 2030 agenda for sustainable development (UN-SDGs), in which
United Nations propose that the global rate of improvement in energy efficiency should be doubled by
2030 (United-Nations, 2015). In the case of deammonification, the average annual energy savings
potential per plant compared to conventional nitrification-denitrification is about 54% (28,313
kWh/y). If we consider an average annual power consumption of 3500 kWh for a three-person
household in Germany (BDEW, 2015) and a specific carbon dioxide emission of 560 g CO2,eq/kWh
(UBA, 2016). Based on these considerations, the potential electrical energy savings by retrofitting an
existing leachate treatment plant with deammonification will be equal to annual electricity demand of
8 households, and a reduction of 15,855 kg CO2,eq per year, per plant.
Operator experience may also be a determining factor in the level of acceptance for upgrading an
existing system (Huijts et al., 2012) with deammonification technologies. For example, a reduction in
external carbon source addition (e.g. methanol) is an advantage of deammonification process; thus,
operator experience with respect to methanol price fluctuations will in large part determine the relative
weight placed on this factor. Methanol prices are mainly tied to natural gas prices in Europe (Masih et
al., 2010); by considering average costs of methanol in 2010 (254 €/MT) and 2014 (384 €/MT)
(Methanex, 2015) and the typical leachate characteristics from 2010 to 2015, the increase of 130 €/MT
from 2010 compared to 2014 would increase operational costs in 2014 by €10,821 for conventional
nitrification-denitrification.
Perceived risks also affect the level of acceptance of a new energy technology (Huijts et al., 2012); in
this case the perceived risks associated with the deammonification process are mainly related to slow
growth of anammox bacteria as well as establishment and control of partial nitritation processes.
Anammox bacteria have a maximum doubling time of 11 days in batch tests (Strous et al., 1998);
recently a much lower maximum specific growth rate of 0.334 per day was reported by Lotti et al
(2015). However, in full scale applications the doubling time is much longer and varies greatly based

on feed temperature (Laureni et al., 2015). Long doubling times of anammox bacteria make reactor
start-up and recovery challenging. The process may be inhibited through loss of anammox bacteria
(due to poor retention or production of active biomass), substrate concentration, leachate
contaminants, and/or operating conditions. As in MBBR configurations, anammox bacteria grow on
carrier media and are buffered against system disturbances to some extent by a protective layer of
ammonium oxidizing bacteria, which prevent direct contact between annamox bacteria and the bulk
liquid medium. To evaluate to what extent anammox activity is affected by contaminants in the
leachate, the maximum contaminant concentrations (Fig. 3) were reviewed against minimum threshold
values reported to inhibit anammox bacteria.
Depending on type of anammox species (Jetten et al., 2001; Kartal et al., 2007; Schmid et al., 2005),
inhibition may occur due to several factors, including salinity, heavy metals, residual substrates (e.g.
excess ammonium and nitrite), organic matter, pH, and temperature. Salinity in leachate treatment
plants in Germany is reported in terms of electrical conductivity (at 25 °C); however most reviewed
studies measured the inhibitory effect of salinity based on total dissolved solids (TDS) concentration.
Since number of reported ionic species varies among landfills, then estimation of total salinity in terms
of TDS (by applying conversion factor, or through summation of major dissolved ions) was not
feasible. However by referring to maximum value of major inorganics (maximum value, in mg/L:
Cl=3000, SO4=2100, Na=1800, K =1100, Ca=360, Mg=170) and heavy metals (maximum value, in
mg/L: Pb=4.1, Mn=1.1, Cd=1, other heavy metals < 1) in the leachate, and considering the inhibitory
effect of these contaminants on anammox bacteria (Bi et al., 2014; Dapena-Mora et al., 2007; DapenaMora et al., 2010; Huang et al., 2014), then salinity and concentration of heavy metals are most likely
to be below the minimum threshold for inhibition. However some of these substances should still be
present at low concentrations, to prevent nutrient starvation for anammox bacteria (Zhang et al.,
2016b).
Nutrient requirements depend on microbial cell physiology (Metcalf & Eddy Inc, 2003). In general,
the nutrients required to support microbial growth in wastewater treatment are classified as principal
inorganic nutrients (P, K, Mg, Ca, Fe, Na, Cl) (Metcalf & Eddy Inc, 2003) and minor nutrients (Zn,

Mn, Cu, Ni) (Madigan et al., 2000). Multiple approaches for anammox enrichment have demonstrated
the importance of calcium, magnesium, phosphorous and iron concentrations (Van de Graaf et al.,
1996; Van der Star et al., 2008). These nutrients typically exist at sufficient levels in raw leachate,
however as typical concentration of total phosphorous (6.5 to 7.7 mg/L) and total iron (6 to 7 mg/L)
are close to enrichment concentration (0.18 to 0.20 mM or 5.7 to 6.2 mg P/L) (Van de Graaf et al.,
1996; Van der Star et al., 2008) and optimum concentration (0.09 mM or 5 mg/L) (Liu and Ni, 2015)
respectively, their deficiencies as a result of dilution may be a concern during rainy season. Similar to
the role of macronutrients, adequate concentrations of micronutrients are required to promote
anammox bacterial growth. Micronutrients are often required at concentrations of less than 1 mg/L,
making it difficult to establish accurate minimum values (Burgess et al., 1999). Current leachate
displays average and maximum concentrations of several micronutrients below 0.2 and 1 mg/L
respectively. It is thus necessary to ensure that bacterial demands for specific micronutrients, even
trace amounts, are satisfied.
Another important factor to consider when implementing the deammonification process is the need for
control in order to handle changes in concentration of different forms of inorganic nitrogen (NH4-N,
NO2-N, and NO3-N) in raw leachate and also the deammonification process itself. Ammonium and
nitrite are essential substrates in the deammonification process; however, when their concentrations
exceed certain levels they inhibit the process. As concentration of nitrite in raw leachate is mostly
negligible (typically below 13 mg/L) then risk of increase in NO2-N concentration is due only to the
disturbance of anammox populations and/or excessive NH4-N oxidation (Lackner et al., 2014). Unlike
nitrite, nitrate buildup is not crucial in terms of inhibition effects (Lackner et al., 2014), since its
fluctuation range in most extreme cases (about 120 mg/L in a week) still remains far below the
inhibitory range (Dapena-Mora et al., 2007; Strous et al., 1999). However, monitoring fluctuation
ranges of nitrate in raw leachate and distinguishing it from the deammonification process is important,
to avoid the attribution of nitrate buildup to unrelated phenomena, such as over-aeration during partial
nitritation processes.

Presence of certain organic matter in leachate also affects anammox bacteria; firstly through lack of
substrate affinity which results in inhibition of anammox bacteria, secondly through stimulation of
growth of heterotrophic bacteria (which may outcompete anammox bacteria) (Zhang et al., 2016a),
and lastly by metabolic pathway conversion (Jin et al., 2012) in which anammox bacteria use organics
(rather than ammonium and nitrite) as substrate (Güven et al., 2005). Unlike inhibition due to organic
substances such as methanol and ethanol which are reported through several studies (Güven et al.,
2005; Isaka et al., 2008; Oshiki et al., 2011), inhibition due to COD of raw leachate and formed
organics (e.g. AOX) is not widely reported. This may be due to low BOD5/COD ratios in leachate,
which signifies that most of the organics are mainly humic and fulvic like compounds (Kjeldsen et al.,
2002); since these compounds are not biologically degradable, they have no negative effect on
anammox bacteria. One method to mitigate organics inhibition is to remove them prior to the
deammonification process by chemical precipitation. Lime, alum, and ferric coagulants are typically
used for biologically pre-treated leachate or mature leachate treatment (Forgie, 1988), resulting in 50
to 60 % COD reduction (Amokrane et al., 1997). However, among these coagulants, alum is the least
desirable, as it has lower removal efficiency compared to iron salts (Renou et al., 2008) and its
application is limited depending on downstream treatment processes. For example many German
landfills with direct discharge of leachate are equipped with reverse osmosis technologies (RO)
(Hagen, 2014) which hinder application of aluminum salts, as residues (due to their high solubility)
may cause mineral fouling on RO surfaces (Voutchkov, 2010).
Control of temperature, pH, and dissolved oxygen (DO) is also essential to maintain anammox
bacteria in the system (Jin et al., 2012). According to data from 6 landfills, monthly leachate
temperature varies between 8 °C to 25 °C. Since the maximum temperature is lower than or equal to
the optimum growing temperatures for different type of anammox species (Jetten et al., 2001; Kartal et
al., 2007; Schmid et al., 2005) (e.g. 37 °C for Ca. Brocadia and Ca. Jettenia, and 25 °C for Ca.
Scalindua (Ali and Okabe, 2015)), then gradual increase in leachate temperature over months is not a
concern. However, steep drops in leachate temperature lower anammox activity (e.g. nitrogen removal
rate) and growth rates (Lackner et al., 2014; Laureni et al., 2015). As a rule of thumb biochemical

reaction rates (and growth rates) double for every 10 °C increase in temperature (up to optimum
growth temperature) (Jantrania and Gross, 2006). To identify in which months of the year the leachate
temperature lies above 20 °C and below 10 °C, three landfills with plentiful leachate temperature data
(n=788) were considered. Temperatures above 20 °C were observed from May to October and in most
cases in July and August, while temperatures below 10 °C occurred during November to April, and for
most of February. Maximum daily fluctuations of leachate temperature in these three landfills were +8
°C (12 °C to 20 °C) and -5 °C (18 °C to 13 °C). Since sudden changes in influent temperatures (e.g. 8
°C in a week) influence performance of anammox based technologies (Lackner et al., 2014), control of
input leachate temperature is important. Two possible methods for temperature change mitigation are
the covering of aeration tanks and the utilization of exhaust heat from air supply blowers (Stegmann et
al., 2005).
Regular monitoring and control of pH is also important, especially in plants where high pH fluctuation
is expected (Lackner et al., 2014); however, in current landfills the pH value typically remains
relatively stable. Physiological pH range for anammox bacteria is reported to be 6.7 to 8.3 (Strous et
al., 1999); full scale plants operate at pH values between 6.8 and 8. Exceedance of lower and upper
limit results in inhibition of ammonium oxidizing bacteria and anammox bacteria respectively
(Lackner et al., 2014). The range of leachate pH values from 8 German landfills (n=839) was between
7.4 to 8.3; both expected value and weighted average (based on logarithmic transformation) of pH
among these landfills were 7.8. As during the deammonification process pH is slightly increased, pH
control through acid addition may also be necessary.
4. Conclusion
Pre-treatment of waste results in more homogenous leachate quality among landfills, and lower
concentrations of biodegradable organic matter and heavy metals in the leachate. The reduced
biological oxygen demand (BOD5) and heavy metal concentrations present in current leachate favors
the condition of retrofitting exiting biological reactor(s) with deammonification process. Considering
average leachate characteristics of German landfills, there is an annual savings potential of about

€25850 (in terms of energy and external carbon source) by retrofitting with deammonification process
and post denitrification. Moreover, as concentration of most of heavy metals are below 1 mg/L, and
concentration of major salt ions (Na, Cl, K) and BOD5 are lower than inhibition thresholds, inhibition
due to leachate contaminants is not a concern. However, control of operating conditions (mainly
temperature) may be important.
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